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Abstract Transportation infrastructure is a promi-

nent feature across all landscape types, and road

crossings over streams are a source of pollutant influx,

especially polycyclic aromatic hydrocarbons (PAH)

associated with vehicle oils and fuel combustion.

Freshwater mussels (Unionoida) are vulnerable to

pollutants entering streams because of their sessile

benthic lifestyle and their filter- and deposit-feeding

exposure routes. We assessed the effect of road

crossings on PAH concentrations in mussels, sedi-

ment, and water via passive sampling devices (PSDs)

at 20 sites in the upper Neuse River basin of North

Carolina, and investigated the utility of PSDs for

estimating PAH concentrations in mussels. Road

crossings significantly increased Total PAH in down-

stream reaches compared to upstream for all

compartments sampled (P\ 0.01). Total PAH in

mussels were correlated with those in PSDs both

upstream and downstream of road crossings

(P B 0.01), and PSDs provided a reliable prediction

equation for mussel tissue concentrations of Total

PAH (r2 = 0.90). Overall, PAH contributions from

crossings to streams in a single, relatively rural

watershed are substantial and statistically significant,

suggesting that the cumulative PAH influx within an

entire river basin may be considerable and exert

adverse effects over a chronic lifetime exposure for

mussels, especially as their contributions may amplify

downstream.
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Introduction

Freshwater mussels (Unionoida) are vulnerable to

pollutants entering the aquatic environment because of

their sessile benthic lifestyle and their filter- and

deposit-feeding exposure routes (Cope et al., 2008).

More than 71% of North America’s species are

endangered, threatened, or of special concern (Wil-

liams et al., 1993), and in the southeastern USA where

we conducted our study, unionid mussel biodiversity

and endemism are highest compared to any other
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region in the world (Haag, 2012). Modern causes

implicated in freshwater mussel declines include

pollution and water quality degradation, habitat alter-

ation, or a combination of large-scale, chronic stres-

sors (Lydeard et al., 2004; Strayer et al., 2004;

Downing et al., 2010). Furthermore, research within

the past 15 years has revealed that unionids are among

the most sensitive organisms to several classes of

contaminants entering surface waters [e.g., copper

(Wang et al., 2007a, b), ammonia (Newton et al., 2003;

Newton & Bartsch, 2007; US EPA, 2013), and

pesticides (Conners & Black, 2004; Bringolf et al.,

2007; Archambault et al., 2015)], and mussels are

exposed differentially through various routes during

development from their parasitic larval (upon a host

fish) life stage to their benthic juvenile and adult life

stages (Cope et al., 2008).

Pollutants enter streams through multiple point and

non-point sources, ranging from industrial discharges

to surface runoff. Transportation infrastructure is a

prominent feature in urban areas, but also serves as

perhaps the most notable infrastructure feature in

many rural areas. Road crossings over streams are one

direct, but non-point source of pollutants, especially

polycyclic aromatic hydrocarbons (PAHs) associated

with vehicle fuels and oils leaked onto roads and

flushed into nearby waterways after precipitation

events. Combustion sources such as those from

vehicle engines and other aerial emissions (e.g., fossil

fuel power plants) also contribute to the daily load of

PAHs settling into surface waters.

PAHs are one class of hydrophobic persistent

organic pollutants, which are ubiquitous in the aquatic

environment—primarily as a result of anthropogenic

activities—and are known to cause adverse human and

ecological health effects (Neff, 1979, 2002; Baumard

et al., 1998; Oikari et al., 2002; Newton & Cope, 2007;

Martins et al., 2013; Bihanic et al., 2014). Several

groups of marine and freshwater organisms, including

unionid mussels, are sensitive to PAH pollution. In

fishes, researchers have documented the induction of

cytochrome P450 enzymes in Rainbow Trout (On-

corhynchus mykiss) (Oikari et al., 2002), and delayed

and abnormal egg development, impaired larval

swimming behavior, and DNA damage in Japanese

Medaka (Oryzius latipes) at environmentally relevant

PAH concentrations (Bihanic et al., 2014). Martins

et al. (2013) reported genotoxic effects in the gills of

the marine bivalve, Ruditapes decussatus, in a 28-day

laboratory exposure to environmental concentrations

of PAHs. Studies with freshwater mussels have

reported genotoxic responses in mussel hemolymph

exposed to PAHs in vitro (Prochazka et al., 2012) and

upregulated biomarker enzymes from mussels in

waterways primarily contaminated with PAHs and

other organic pollutants (e.g., PCBs; Newton & Cope,

2007). The combination of freshwater mussel sensi-

tivity to contaminants with their sedentary lifestyle

renders them vulnerable to perennial and abundant

pollutant sources such as PAH influx at road crossings.

Despite the overall imperiled status of unionid

mussels, common and abundant species have long

been used for environmental biomonitoring (Van

Hassel & Farris, 2007). Non-destructive monitoring

techniques, including surveys of species richness,

relative abundance, or growth, offer qualitative or

quantitative estimates of population change over time,

but do not provide any insight into potential causative

agents of change. Because of their sessile benthic

lifestyle, decades-long life spans, and large tissue mass

in some species, freshwater mussels are an excellent

choice for biomonitoring via tissue collection (albeit a

lethal sampling method), and elucidating spatially

explicit time-integrated contaminant loads (Van Has-

sel & Farris, 2007). The wide gap between the rapid

uptake and slow depuration rate constants for PAHs

and other lipophilic compounds by mussels highlights

their limited ability to metabolize them. Thus, fresh-

water mussels tend to bioaccumulate and bioconcen-

trate PAHs, with extremely high bioconcentration

factors (e.g., 1,000–100,000) (Thorsen et al., 2007).

However, removing resident fauna from the ecosystem

is an increasingly less desirable option because the

sampling is labor intensive and many mussel popula-

tions are in decline. Passive sampling devices (PSDs)

estimate ecologically relevant exposure to contami-

nants (Heltsley et al., 2005). In some circumstances,

they may offer a more cost- and labor-efficient method

of monitoring pollutants in surface waters without the

need for removing fauna, and they have been success-

ful in monitoring organic contaminant exposure,

including PAHs. PSDs have been used to estimate

accumulation in marine and freshwater bivalves (Al-

varez et al., 2014; Cope& Jones, 2016) and freshwater

fishes (Heltsley et al., 2005), and have been studied

extensively over nearly two decades for monitoring

PAHs and other organic contaminants (Hofelt & Shea,

1997; Luellen & Shea, 2002, 2003).
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The aims of this study were to assess the effect of

road crossings on PAH concentrations in freshwater

mussels, stream sediments, and water (via PSDs) and

to investigate the utility of PSDs to serve as surrogates

for estimating PAH concentrations in mussels. We

hypothesized that elevated PAH concentrations would

be measured in all compartments sampled immedi-

ately downstream of road crossings, compared to those

immediately upstream, and made no a priori hypoth-

esis regarding the potential for PAHs in PSDs or other

environmental compartments to accurately estimate

mussel tissue PAHs.

Materials and methods

Study area and site selection

The study area is a relatively small, 1,686-km2

watershed within the upper Neuse River basin, which

drains into the upper arms of Falls Lake Reservoir in

the north-central Piedmont physiographic region of

North Carolina, USA (Fig. 1). The main water courses

in the study area are the Eno, Little, and Flat Rivers,

though several other small streams drain directly into

Falls Lake Reservoir. Locations with known

populations of federally endangered species were

eliminated to avoid sampling protected organisms or

disturbing their habitats. Streams with the highest

water quality were identified using the Basinwide

Water Quality Plan of the Neuse River basin (NC

DENR, 1998). Land use and land cover data for the

Neuse River basin were obtained from the United

States (US) Environmental Protection Agency’s

(EPA) Neuse River Land Use/Land Cover GIS layer,

and the 30-m resolution grid was derived from several

Landsat 7 Enhanced Thematic Mapper Plus scenes,

ranging in dates from October 1998 to March 1999

(US EPA, 2000). The dominant land uses within the

sub-basin were forested (61%), urban (16%), and

agriculture (18%) (ArcGIS Desktop v.10.3, ESRI,

Redlands, CA, USA). The study area and subsequent

sampling sites for this project were a subset of sites

concurrently sampled to measure the effect of road

crossing structures on freshwater mussel abundance

(Levine et al., 2003). The subset consisted of 20

locations—17 bridged, two culverted, and one piped

crossing—with 10 sites from the greatest percentage

of forest (range 74–98% forested;\1 to 17% agricul-

tural) and 10 sites from the most agriculturally

influenced areas (range 16–58% forested; 33– 74%

agricultural) (Fig. 1). Each study site was separated

Fig. 1 Study area and the

20 sites in agricultural

(circles) and forested

(triangles) landscapes,

located in the upper Neuse

River Basin, north-central

North Carolina, USA
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into an upstream reach that included the stream area

beginning at the road crossing and continuing 50 m

upstream, and a downstream reach that encompassed

the area from the crossing to 50 m downstream

(n = 40 total sample locations).

Sample collection and handling

Eastern elliptio mussels (Elliptio complanata) were

hand-collected within the 50-m upstream and down-

stream reaches of each road crossing (May–July

2001). Five mussels were randomly selected among

those collected at each sampling reach for chemical

analysis, placed in zip-sealable food-grade plastic

bags and transported on ice to the laboratory at North

Carolina State University (Raleigh, NC, USA).

Shortly after arrival to the laboratory (mussels were

not held in aquaria or gut cleared), soft tissue was

dissected from each shell (mean length 67.9 mm

(range 27–100 mm); mean total body wet weight

43.9 g (range 1.7–111.2 g)), andmaterial from the five

mussels was composited, freeze dried, and homoge-

nized before aliquots were portioned for extraction

and analysis of PAHs.

Surficial (top 2–3 cm) sediment samples were

collected with a stainless steel scoop (July 2001); a

composite sample of equal portions was obtained by

sampling five randomly selected locations at each

upstream and downstream reach at each of the study

sites. An effort was made to collect only fine-grained

sediment inhabited by the mussels. Sediment was

transported on ice to the laboratory, frozen at -20�C,
and then freeze dried and homogenized before aliquots

were portioned for extraction and analysis of PAHs.

Construction and deployment of PSDs

The PSDs were constructed of 12.7-lm-thick low-

density polyethylene (LDPE) sheeting containing no

plasticizers or additives (ExxonMobil, Baton Rouge,

LA, USA), as described by Luellen & Shea (2002).

The LDPE sheeting (5 cm 9 30 cm, surface area of

300 cm2) was pre-extracted with hexane for 48 h prior

to use and fixed inside a protective polyethylene cage.

One cage containing two PSDs was deployed within

each of the 50-m zones upstream and downstream of

every road crossing in mid-June 2001. They were

retrieved approximately 30 days later, allowing time

for the PSD to reach equilibrium with aqueous PAHs

in the aquatic environment (Thorsen et al., 2004).

Following deployment, one PSD per cage was cleaned

with de-ionized water and a brush, followed by a brief

rinse in acetone to remove material from the surface of

the LDPE prior to extraction, while the duplicate was

archived at -20�C.

PAH extraction, preparation, and analysis

Mussel, sediment, and PSD samples were extracted

and analyzed for 42 PAHs, as described by Thorsen

et al. (2004) and Luellen & Shea (2002). Briefly,

samples were shaker-extracted (200 rpm) for 24 h

using dichloromethane (DCM) for both mussels and

PSDs, and DCM:acetone (1:1) for sediment samples.

Concentrated extracts were fractionated using high-

performance gel permeation chromatography to

remove high molecular weight matrix components

(e.g., lipids, polyethylene waxes). The extracts were

solvent exchanged into hexane and then further

purified on a 3-g silica column. Mussel lipid content

was determined by passing extracts through a gel

permeation chromatography column, collecting the

lipid fraction, evaporating and weighing. The purified

extracts were analyzed for PAHs on two separate

chromatographic runs using an Agilent 6890 gas

chromatograph connected to an Agilent 5973 N MSD

utilizing a Restek 30 m 9 0.25 mm Rtx-5 (film

thickness 0.25 lm) mass spectrometer with Integra-

Guard column. The mass fraction of total organic

carbon (TOC) in sediment was determined by Carbon,

Hydrogen, Nitrogen analysis with an elemental ana-

lyzer according to standard methods (APHA et al.,

1995).

Quality assurance protocols were followed for all

PAH analyses. Briefly, the accuracy of all determina-

tions was assessed by analyzing procedural blanks and

polyethylene blanks (with the PSD samples), replicate

samples, spiked samples, and surrogate internal stan-

dards. All quality control measures were within

acceptable ranges (i.e., all blanks were clean (\1 ng/

g of several PAHs observed); recoveries of surrogate

internal standards and matrix spike recoveries ranged

from 40 to 120%; the difference between matrix spike

and spike duplicates and duplicate sample analysis

was usually\10% and always\30%). Data were not

corrected for surrogate recoveries and the limit of

detection was 1 ng/g.
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Characterizing Toxicity of PAHs

The potential toxicity of PAHs was evaluated with the

US EPA methods for evaluating toxicity in water and

sediments, based on a mechanistic approach that

incorporates the additivity of PAH toxicity and, in

sediments, also the reduction in PAH bioavailability

caused by TOC content (US EPA, 2003, 2010).

Individual PAH concentrations in water were esti-

mated by converting the concentrations in PSDs with

their respective PAH octanol–water partition coeffi-

cients (Neff & Burns, 1996; Luellen & Shea, 2002).

Raw individual PAH concentrations in each sediment

sample were normalized to the TOC fraction. Indi-

vidual PAH concentrations in water and sediment

were then divided by the respective acute or chronic

US EPA Potency Divisors (available for 34 PAHs)

(US EPA, 2003, 2010) to calculate the water bench-

mark toxic unit (WBTU) for water and the equilib-

rium-partitioning sediment benchmark toxic unit

(ESBTU) for sediment. The individual PAH WBTUs

and ESBTUs were totaled; the resulting sum

(
P

WBTU and
P

ESBTU) is a measure of Total

PAH toxic units. Values C1.0 indicate the potential

for toxicity to aquatic life.

Statistical analyses

We evaluated the effect of road crossings on stream

PAH concentrations with paired t-tests of Total PAH

(sum of the 42 PAHs analyzed) measured upstream

and downstream of the crossings in mussel tissue, bed

sediments, and PSDs (PROC TTEST, SAS v.9.4, SAS

Institute, Cary, NC, USA). We also assessed the effect

of roads on the total lipid content (percent of soft tissue

body weight) of mussels upstream versus downstream

of crossings as a measure of effect on mussel health.

Before each paired t-test was performed, a Shapiro–

Wilk test was used to test the assumption that paired

differences were normally distributed. Mussel lipid

paired differences were normally distributed

(P = 0.49). The assumption was violated for each

set of paired differences of PAH concentrations

(P values B0.01), except for sediment dry weight

(P = 0.08); therefore, all the non-normal datasets

were log-transformed to satisfy the normality assump-

tion. Shapiro–Wilk tests of the log-transformed paired

differences confirmed that the assumption was satis-

fied in all cases (P values C0.42).

Correlation analyses were performed to determine

whether the Total PAH concentration in PSDs offered

a comparable estimate for mussel tissue and lipid-

normalized Total PAHs (PROC CORR, SAS v.9.4).

Spearman rank-order correlation coefficients (qs) were
used because datasets had extreme values, a condition

that renders the parametric Pearson product-moment

correlations less appropriate. Additionally, we corre-

lated mussel PAH concentrations with those in

sediment to investigate whether sediment PAH con-

centrations were related to the mussel tissue. Finally,

we used correlation to assess the relations between

annual average daily traffic count with the environ-

mental compartment changes in PAH concentrations

(i.e., the difference in PAHs downstream vs. upstream

of road crossings). Annual average daily traffic count

ranged from 50 to 16,000 vehicles among the study

sites (mean = 1994, median = 955, standard devia-

tion = 3471) (NC DOT, 2014).

The effect of landscape cover (agricultural or

forested) at the sites on PAH concentrations was

evaluated by an analysis of variance (ANOVA) for

each given proximity and compartment (e.g., mussel

dry weight upstream of crossings). This comparison

was assessed separately for each proximity (i.e.,

upstream and downstream) within each ecological

compartment (i.e., mussel tissues, bed sediments, and

surface water (PSDs); PROCGLM, SAS v.9.4) because

the aforementioned paired t-tests showed a significant

effect of proximity to the crossings (see results).

Diagnostic plots of residuals and Levene’s test were

used to determine whether residuals were independent

and normally distributed. If violations were observed, a

Welch’s test was used (robust to such violations) and/or

data were log-transformed and re-analyzed.

Following other analyses, we used simple linear

regression (PROC GLM, SAS v.9.4) to predict mussel

tissue PAH concentrations from those in PSDs, using

upstream and downstream data at road crossings in

both land types (i.e., data were pooled based on results

of other analyses).

Results

Measured PAHs and toxicity

The mean mussel tissue Total PAH concentrations in

upstream reaches were 115 ng/g dry weight (Fig. 2;
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range 14–818 ng/g) and 5380 ng/g lipid (range

720–39,718 ng/g); in downstream reaches, mean mus-

sel tissue concentrations were 250 ng/g dry weight

(Fig. 2; range 70–1403 ng/g) and 11,407 ng/g lipid

(range 4,300–52,774 ng/g) (Supplemental Data,

Tables S1 & S2). Mean sediment concentrations were

161 ng/g dry weight (Fig. 2; range 38–488 ng/g) and

7513 ng/g OC (range 1153–43,151 ng/g) upstream,

and 352 ng/g dry weight (Fig. 2; range 161–834 ng/g)

and 16,298 ng/g OC (range 5561–73,824 ng/g) down-

stream of road crossings (Supplemental Data,

Tables S3 & S4). Mean Total PAH concentrations in

PSDs were 2309 ng/g sampler (Fig. 2; range

284–9400 ng/g) in upstream reaches and 3542 ng/g

sampler (Fig. 2; range 548–20,585 ng/g) downstream

of road crossings (Supplemental Data, Tables S5, S6).

The acute
P

WBTUs for PAH concentrations in

water estimated from the PSDs were all\0.01

upstream and downstream of road crossings, with

chronic values ranging 0–0.01 upstream and

0.01–0.02 downstream of road crossings. The mean

increase of acute and chronic
P

WBTUs for water

concentrations downstream of crossings, compared to

upstream, was negligible (max = 0.01). The acute
P

ESBTUs for sediments ranged 0–0.01 upstream of

road crossings and 0–0.02 downstream, with chronic

values ranging 0–0.05 upstream and 0.01–0.09 down-

stream of road crossings. The mean increase of acute
P

ESBTUs downstream of crossings, compared to

upstream, was 0 (max = 0.01), and the mean increase

of chronic
P

ESBTUs was 0.01 (max = 0.06). These

low
P

WBTU and
P

ESBTU values indicate that the

water and sediments did not contain PAH concentra-

tions that would cause potential toxicity to aquatic

organisms, and the minimal increases in the acute and

chronic
P

ESBTUs suggest that individual roads

contributed minimally to increasing toxicity of the

sediments immediately downstream of a given

crossing.

Effect of road crossings on mussel lipids and PAH

concentrations

Road crossings had a highly significant impact on

Total PAH concentrations in downstream reaches

compared to upstream. Downstream concentrations

were higher than those measured upstream of the

crossings in every compartment (t(19) = 5.31–6.63

and P\ 0.0001 for mussel tissue dry weight and lipid-

normalized PAH concentrations and sediment dry

weight and OC-normalized concentrations;

t(19) = 3.13 and P = 0.006 for surface water PSDs)

(Fig. 2). Mean increases in downstream samples,

compared to upstream, were 134 ng/g mussel dry

weight, 6027 ng/g mussel lipid, 190 ng/g sediment

dry weight, 8786 ng/g sediment OC, and 1234 ng/g

sampler in PSDs. These differences translate to an

average 3 9 higher PAH concentration in down-

stream mussel tissue and sediment and 29 higher

PAHs in downstream PSDs. Lipid content of mussels

was not different (t(19) = 1.09, P = 0.29) between

samples upstream and downstream of a crossing.
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Fig. 2 Change in mean (±SE) PAH concentrations from

upstream (n = 20) to downstream (n = 20) of road crossings

in mussel tissue, sediment, and passive sampling devices
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Correlation of PAH concentrations

Total PAH concentrations in mussel tissue (dry weight

and lipid-normalized) were correlated with those in

PSDs both upstream and downstream of road crossings

(qs ranged from0.55 to 0.82 and correspondingP values

ranged from\0.0001 to 0.0116; Table 1). The linear

relationships of mussel PAH concentrations with PSDs

upstream of road crossings were strong (r2 = 0.77 for

dry weight and 0.73 for lipid), and those between

mussels and PSDs downstream of crossings were even

stronger (r2 = 0.95 for dry weight and 0.90 for lipid)

(Fig. 3, dry weight shown). Mussel tissue concentra-

tions were also correlated with PAHs in the sediment

(qs = 0.82–0.96 and P values all B0.0001; Table 1).

The relationships between sediment dry weight PAHs

and mussel tissue concentrations supported the corre-

lations (r2 = 0.68–0.91; Fig. 4), as did those between

OC-normalized sediment PAH concentrations and

mussel tissue concentrations (r2 = 0.96–0.97).

Average annual daily traffic count was correlated

with Total PAH concentration increases downstream

of crossings for sediment dry weight (qs = 0.71,

P = 0.0004) and sediment OC (qs = 0.72, P =

0.0004), mussel dry weight (qs = 0.64, P = 0.0025)

and lipid-normalized tissue concentrations (qs =
0.73, P = 0.0003), but not for PSDs (qs = 0.22,

P = 0.3522). Despite the apparent correlations with

traffic count, the relationships with increased PAH

concentration downstream of the crossings were not

particularly strong (r2 = 0.44–0.58), except possibly

for mussel lipid (r2 = 0.81), and an extreme traffic

count value (16,000) had a substantial effect on the

relationships, such that when it was removed, r2 values

were substantially reduced (range 0.08–0.17, and

mussel lipids = 0.40).

Table 1 Spearman rho (qs) correlation coefficients and corre-

sponding P values (shown below qs) between mussel tissue and

lipid-normalized Total PAH concentrations and those in

passive sampling devices (PSDs) and sediments (dry weight

and organic carbon (OC)-normalized)

Upstream Downstream

Mussel dry weight Mussel lipid Mussel dry weight Mussel lipid

PSD 0.7790 0.8196 0.5518 0.6346

\0.0001 \0.0001 0.0116 0.0027

Sediment dry weight 0.9158 0.9098 0.8466 0.8496

\0.0001 \0.0001 \0.0001 \0.0001

Sediment

OC

0.9519 0.9609 0.8150 0.8436

\0.0001 \0.0001 \0.0001 \0.0001

y = 0.0646x - 33.564 
R² = 0.7719 
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a bFig. 3 Relationships

between Total PAH

concentrations in passive

sampling devices (PSDs)

and mussel tissue dry weight

upstream (a) and
downstream (b) of road
crossings
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Landscape effect on PAH concentrations

Land cover type had no effect on the PAH concentra-

tions upstream or downstream of road crossings for any

compartment. Comparisons of upstream PAH concen-

trations between agricultural and forested sites for each

compartment resulted in ANOVA P values ranging

0.27–0.33, and comparisons of those downstream had

similar results (ANOVA P values = 0.17–0.46).

Because land cover type had no effect on PAH

concentrations, data from both land cover types were

pooled for a more robust dataset to predict mussel tissue

concentrations from the PSDs.

Predicting mussel PAH concentrations

The concentrations of Total PAH in PSDs provided a

reliable prediction equation for mussel tissue concen-

trations of Total PAH. The combined data of mussel

dry weight and PSD concentrations from upstream and

downstream samples (n = 40) resulted in a highly

significant relationship (F(1,38) = 359.09,P\ 0.0001,

r2 = 0.90) (Fig. 5) and yielded the equation:

Mussel dryweight Total PAH½ �
¼ �18:766þ 0:0688 � ½PSDTotal PAH�
Despite the correlations between mussel tissue and

sediment Total PAH concentrations in their respective

locations, prediction equations with pooled sediment

data from upstream and downstream sites were not

attainable without violating the residual assumptions

for simple linear regression.

Discussion

Road crossings significantly increased stream PAH

concentrations, and those changes were observed in

sediment, water, and freshwater mussels. Road cross-

ings appear to provide a consistent source of PAHs

that likely gets renewed in streams with each precip-

itation and runoff event, contributing to accumulation

in the sediment and chronic exposures to mussels and

other aquatic biota. Furthermore, there was consis-

tency between upstream and downstream PAH signa-

tures (Supplemental Data, Tables S1–S6), indicating

that the PAHs in the upstream reaches we sampled

may be influenced by road runoff farther upstream in
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Fig. 5 Linear regression of the relationship between passive

sampling device (PSD) concentrations of Total PAHs sampled

over 30 days compared to that accumulated by freshwater

mussels collected from the 20 study sites and combined from all

stream locations (n = 40; 20 upstream and 20 downstream),

indicating that PSDs may be a viable predictor of PAH

concentrations in mussels, thus reducing the need for mussel

tissue collection via destructive sampling
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the watershed. Our 20 sampling sites in this study

represented only a small portion of the 326 NC DOT

inventoried road crossings and approximately 1.4% of

the more than 1400 road/stream intersections identi-

fied in our study area (ArcGIS Desktop, v.10.3, ESRI).

While an individual road crossing had aminimal effect

on the overall toxicity ranking of PAHs in water and

sediments immediately downstream at a given site, as

evidenced by the negligible changes in
P

WBTUs and
P

ESBTUs compared to those in upstream samples,

the similarity in PAH signatures on either side of the

crossings suggests that PAH pollution from traffic

sources may increase exposure and cumulative toxi-

city as streams proceed downstream with more

crossings and distance covered in a watershed. To

illustrate, multiplying the average increase in Total

PAH concentrations downstream of a crossing in the

rural headwater sub-basin that we studied here by its

1400 road crossings could result in extensive cumu-

lative input from this one relatively small watershed.

While this cumulative input from multiple crossings

would certainly be mitigated, in part, by PAH

degradation or reduction in bioavailability, the rela-

tively large number of road crossing inputs to streams

create the potential for increased toxicity downstream

and is a topic worthy of future study. The toxic effects

of PAH parent compounds and those of their associ-

ated metabolites are already known to alter mussel

physiology and biochemistry at sub-cellular scales

(Newton & Cope, 2007; Prochazka et al., 2012) and

may adversely impact immunity, reproduction, or

other processes that can lead to long-term population-

level declines. Any potential effects may be exacer-

bated by other factors such as thermal pollution or

stress from the same road runoff (Herb et al., 2008).

Moreover, road residues and runoff contain metals

related to vehicle wear and emissions (e.g., Cd, Pd,

and Pt (Haus et al., 2007; McKenzie et al., 2009)), and

a recent review of the co-toxic effects of metal-PAH

mixtures concluded that synergistic impacts were

more likely than additive effects (Gautier et al., 2014).

We demonstrated that Total PAH concentrations in

PSDs were strongly related to those in tissue samples

of E. complanata both upstream and downstream of

road crossings. As such, the future use of PSDs in

stream monitoring seems to offer a reliable method to

estimate PAH concentrations in mussels, thereby

reducing or eliminating the need to destructively

sample the often imperiled mussels to assess their

exposure. This relation yielded a linear regression

model that explained more than 90% of the variation

in mussel tissue PAH concentrations, and indicates

promise for PSDs as a predictive tool for estimating

PAHs and other contaminants in mussels, as has been

demonstrated recently for other freshwater fauna [e.g.,

crayfish (Paulik et al., 2016)]. The analysis of PAHs in

PSDs rather than collecting and analyzing mussels, as

stated above is a beneficial non-destructive alternative,

but they also have the advantage of use in places where

mussel beds are not easily accessible (e.g., deep rivers,

backwaters) or are absent (e.g., due to previous

extirpation). Moreover, some freshwater mussel

species like E. complanata may be widespread and

abundant throughout their range, but most species are

in decline, leaving few choices for collection and use

in biomonitoring applications. Finally, PSDs may

require less time and effort to deploy and retrieve than

collecting resident mussels and are a less cost inten-

sive and logistically challenging option compared to

deploying caged mussels (Patnode et al., 2015; Cope

& Jones, 2016) or other organisms for biomonitoring.

While the correlation of sediment PAH concentra-

tions with those accumulated in mussels suggests that

sediment also may offer a surrogate to directly

sampling mussel PAH concentrations, we were unable

to demonstrate a predictive relationship model with

the concentrations generated from our samples. How-

ever, the apparent trend may be worthy of future

investigation in a larger scale study or with a larger

dataset of combined studies. We also found no

quantitative evidence that land use cover type affected

the PAHs introduced in runoff from road crossings in

our study. However, other land use types not inves-

tigated here (e.g., urban, suburban), compared to lower

intensity uses like forest and agriculture, would be

appropriate in future studies of PAH contributions

from such crossings, especially because other high-

intensity land uses sourcing PAHs (e.g., fossil fuel

mining) have been implicated in detrimental effects to

stream communities (Diamond et al., 2002; Locke

et al., 2006).

The PAH contributions to streams from individual

road crossings studied here were substantial, and the

potential for accumulation of PAHs and other traffic-

related contaminants from such crossings within

watersheds highlights the opportunity for transporta-

tion and environmental regulatory agencies to imple-

ment best management practices or to improve upon
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existing infrastructure designs that reduce road runoff

into streams. If contaminated runoff were anticipated

when designing new roads that cross surface waters

and accounted for at existing crossings with retrofitted

design features, then runoff could be reduced (Luell

et al., 2011). For example, runoff can be sequestered

and minimized with engineered stormwater control

measures such as bioretention cells, constructed

stormwater wetlands, vegetated filter strips, or other

innovative and emerging best management practices,

such as the use of pervious concrete pavements

(Winston et al., 2015; Chandrappa & Biligiri, 2016).

Even in locations where space is not optimal for

adding a stormwater control measure retroactively,

undersized bioretention cells have been shown to

improve runoff water quality (Luell et al., 2011).

Conclusion

We found that the PAH contribution of road crossings

to streams in a single, relatively rural watershed is

substantial and statistically significant, suggesting that

the cumulative PAH influx within an entire river basin

may be considerable and exert adverse effects over a

chronic lifetime exposure for mussels, especially as

their contributions may amplify downstream. Addi-

tionally, PAHs entering streams in urban areas with a

higher density of roads and greater abundance of

traffic may be many times greater than our results here

(Van Metre et al., 2000). Understanding the risks of

PAHs in road runoff is especially important because

freshwater mussels are not only highly imperiled, but

also critically important to the functional ecology of

freshwater ecosystems (e.g., filtration and bioturbation

(Vaughn & Hakencamp, 2001); biodeposition of

nutrients and organic matter (Spooner & Vaughn,

2006); stream community biodiversity (Allen et al.,

2012)). Because freshwater mussels are filter- and

deposit-feeding organisms and each may filter up to

11 L water/day, depending on species and body size

(Naimo, 1995), they offer critical ecosystem services

(Vaughn & Hakencamp, 2001), including sequester-

ing environmental contaminants like PAHs.

Contaminant removal by mussels is a benefit for

other aquatic species that rely on healthy surface

waters for suitable habitat, for terrestrial wildlife that

forage and drink from streams, and for humans, who

rely on surface waters for food, recreation, and most

importantly, a primary drinking water supply in

many regions. However, this important ecosystem

service is often a detriment to the mussels them-

selves; as previously discussed, they have limited

ability to metabolize and eliminate PAHs (Thorsen

et al., 2007), and may suffer toxic responses

resulting from long-term exposure (Newton & Cope,

2007; Prochazka et al., 2012; Martins et al., 2013).

Such effects may impact immune function, repro-

duction, or other processes that can lead to long-term

population-level declines like those reported in North

America and much of the world (Lydeard et al.,

2004; Haag, 2012), thus reducing the capacity of

freshwater mussels to continue providing this and

other vital ecosystem services. Minimizing the

contaminant loads entering our surface waters (e.g.,

engineering road crossings with runoff treatment or

retention) is imperative for maintaining mussel

populations and the valuable ecosystem services

they provide.
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